Abstract. Dry deposition of peroxyacetyl nitrate (PAN) is known to have a phytotoxic impact on plants under photochemical smog conditions, but it may also lead to higher productivity and threaten species richness of vulnerable ecosystems in remote regions. However, underlying mechanisms or controlling factors for PAN deposition are not well understood and studies on dry deposition of PAN are limited. In this study, we investigate the impact of PAN deposition on a nutrient-poor natural grassland ecosystem situated at the edge of an urban and industrialized region in Germany. PAN mixing ratios were measured within a 3.5 months summer to early autumn period. In addition, PAN fluxes were determined with the modified Bowen ratio technique for a selected period. The evaluation of both stomatal and nonstomatal deposition pathways was used to model PAN deposition over the entire summer-autumn period. We found that air masses at the site were influenced by two contrasting pollution regimes, which led to median diurnal PAN mixing ratios ranging between 50 and 300 ppt during unpolluted and between 200 and 600 ppt during polluted episodes. The measured PAN fluxes showed a clear diurnal cycle with maximal deposition fluxes of ∼ −0.1 nmol m −2 s −1 (corresponding to a deposition velocity of 0.3 cm s −1 ) during daytime and a significant non-stomatal contribution was found. The ratio of PAN to ozone deposition velocities was found to be ∼ 0.1, which is much larger than assumed by current deposition models. The modelled PAN flux over the entire period revealed that PAN deposition over an entire day was 333 µg m −2 d −1 under unpolluted and 518 µg m −2 d −1 under polluted episodes. Additionally, thermochemical decomposition PAN deposition accounted for 32 % under unpolluted episodes and 22 % under polluted episodes of the total atmospheric PAN loss. However, the impact of PAN deposition as a nitrogen source to the nutrient-poor grassland was estimated to be only minor, under both unpolluted and polluted episodes.
Introduction
Originating from both anthropogenic and natural sources, peroxyacetyl nitrate (CH 3 C(O)O 2 NO 2 , PAN) is primarily known as an atmospheric pollutant. Both the peroxyacetyl radical (CH 3 C(O)O 2 , PA) and nitrogen dioxide (NO 2 ), which form PAN via 
long-range transport of PAN in cold layers of the upper troposphere may constitute a significant source of reactive niPublished by Copernicus Publications on behalf of the European Geosciences Union.
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trogen (N r = sum of oxidized and reduced nitrogen in remote regions). Consequently, it affects e.g. the production of ozone (O 3 ) and links the atmospheric and biospheric nitrogen cycle through dry deposition (Singh, 1987) . Besides, locally produced PAN may also impact on ecosystems downwind of pollution sources. While for high PAN mixing ratios (> 15 ppb), prevailing under strong photochemical smog conditions, PAN is known to be phytotoxic and may harm plant tissues significantly (Temple and Taylor, 1983) , the impact of PAN deposition under less extreme conditions and for lower PAN mixing ratios is not yet clear. As a nitrogen source, PAN deposition may also lead to higher productivity and may threaten species richness especially in vulnerable ecosystems (Stevens et al., 2010) . Previous studies on the surface-atmosphere exchange of PAN showed that PAN is deposited to vegetation. On the one hand, chamber experiments on PAN uptake on both leaf and plant level (Okano et al., 1990; Sparks et al., 2003; Teklemariam and Sparks, 2004) found a direct relationship between PAN uptake and stomatal conductance. They suggest that stomatal uptake is the major pathway of PAN into leaves. On the other hand, previous studies have also shown the existence of non-stomatal deposition of PAN, mainly associated with the uptake by the leaf cuticles (Teklemariam and Sparks, 2004; Turnipseed et al., 2006; Wolfe et al., 2009 ). While Turnipseed et al. (2006) found almost 50 % of the daytime deposition to be non-stomatal for a pine forest and suggest it to be the primary deposition pathway in the upper canopy, Wolfe et al. (2009) attribute between 21 and 35 % (for warm and cold periods, respectively) of the deposition flux to nonstomatal pathways for a pine forest site. However, conclusive studies on PAN fluxes are currently very limited and the obtained results differ considerably. The underlying mechanisms or controlling factors for PAN deposition, like the role of wet surfaces, as well as the relation of PAN to O 3 deposition fluxes, are not well understood.
Grassland ecosystems are the third largest land use type in Europe and constitute 41 % of global terrestrial surfaces (EU-ROSTAT, 2011; Suttie et al., 2005) . Moreover, nutrient-poor habitats, where additional nitrogen input via deposition may play a significant role, are often dominated by grass species rather than trees. In this case study, we investigate the influence of polluted and non-polluted air masses on the dry deposition of PAN at a nutrient-poor natural grassland ecosystem in Central Europe. PAN mixing ratios were measured and analysed over a 3-month period under two contrasting pollution regimes. For a selected period, we also derived PAN fluxes with the flux-gradient approach, employing a newly developed flux measurements system for PAN (Moravek et al., 2014) . In addition, fluxes of O 3 , which has similarities to PAN in terms of its formation and deposition and thus is important for model applications, were determined by eddy covariance. Based on our approaches, we estimate the contribution of stomatal and non-stomatal deposition pathways for PAN and compare these results to those obtained for O 3 .
Methods

Site description
The study was conducted at a nutrient-poor natural grassland ecosystem on the estate of the Mainz Finthen Airport in Rhineland-Palatinate, Germany (49.9685 • N, 8.1481 • E). The natural grassland area of the measurement site extends over an area of 0.7 × 2.0 km (in mainly east-west orientation), providing good fetch condition for micrometeorological flux measurements. The ecosystem is primarily unmanaged and the vegetation is characterized by the false oatgrass plant community (Arrhenatherion elatioris) on dry and sandy soil with a considerable amount of senescent or diedoff grass. Small bushes were occasionally removed and parts of the grassland were grazed by sheep once a year. The soil nitrate content was very low (∼ 0.7 mg kg −1 in the upper 5 cm) and, hence, ammonium was most likely the largest source of plant-available nitrogen from soil (∼ 20 mg kg −1 in the upper 5 cm) (Oswald et al., 2013) . The mean canopy height during the field campaign was 0.6 m and the bulk leaf area index (LAI) for both green and brown grass was on average 4.8. A roughness length (z 0 ) of 0.1 m and a zero plane displacement (d) of 0.45 m were estimated using the approach of De Bruin and Moore (1985) for canopies with increased roughness. The site is topographically located on a plateau 150 m above the Rhine valley and located about 9 km southwest of the city centre of Mainz (Fig. 1) . The plateau is part of region Rhenish Hesse, which extends to the south and southwest and is characterized by agricultural land use (mainly vineyards, orchards and crops) and smaller villages. In contrast, the industrialized and densely populated RhineMain area extends to northerly and easterly directions. Two motorways pass close to the north and east of the site at a distance of 2 and 4 km, respectively.
Measurements of PAN mixing ratios and fluxes
PAN mixing ratios on the site were measured for a 3.5-month period in summer and early autumn 2011 (29 June to 21 October 2011) using a gas chromatograph with electron capture detection (GC-ECD, see Moravek et al. (2014) for detailed description). The GC-ECD was placed in an air-conditioned container and regularly calibrated with air from a photolytic calibration source.
In addition, during the period from 19 August to 4 September we performed gradient measurements at 0.8 and 4.0 m a.g.l. to determine biosphere-atmosphere exchanges fluxes via the modified Bowen ratio (MBR) technique (Businger, 1986) . The PAN flux (F MBR PAN ) was estimated by the ratio of the PAN and O 3 mixing ratio difference between the upper and lower measurement height, c PAN and c O 3 , multiplied by the eddy covariance flux of O 3 (F EC O 3 ):
We used O 3 as a proxy scalar due to its similarity to PAN in the sink and source distribution. On the one hand, the production of both PAN and O 3 is linked to photochemical processes and, on the other hand, both compounds are known to deposit to vegetation. Instead of using concentration differences in Eq.
(1), we used the mixing ratio differences of PAN ( χ PAN ) and O 3 ( χ O 3 ) since the differences in the molar air density between the two heights were negligible. The correction of PAN fluxes for the loss by thermochemical decomposition of PAN is presented in Sect. 2.5. The storage term (see e.g. Rummel et al., 2007) of PAN was estimated using a logarithmically interpolated vertical profile of PAN and was found to be negligible. Further details on the flux measurements, including necessary modifications of the GC-ECD and the inlet system, and an extensive error analysis are given in Moravek et al. (2014) . Flux values with random errors larger than 100 % were regarded as below the flux detection limit. Furthermore, under conditions with low friction velocities (u * < 0.07 m s −1 ) the application of the MBR methods is prone to larger errors (Liu and Foken, 2001 ).
Additional measurements
For the determination of O 3 eddy covariance fluxes, required for the application of the MBR method, a closed-path fastresponse O 3 detector (Enviscope GmbH, Germany) was employed together with a sonic anemometer (CSAT3, Campbell Scientific Inc., USA) at z ref = 3 m a.g.l. (see Moravek et al. (2014) for details on eddy covariance setup and O 3 calibration). In addition, CO 2 and latent heat fluxes were determined with an open-path CO 2 /H 2 O analyser (LI-7500A, LI-COR, USA). All turbulent fluxes were calculated using the eddy covariance software TK3.1 (Mauder and Foken, 2011) , applying state-of-the-art corrections methods as listed in Foken et al. (2012) . Additionally, the O 3 flux was corrected for high-frequency loss of the 2.5 m long inlet tube , for the storage effect and for chemical production from NO 2 photolysis and loss by reaction with NO (Rummel et al., 2007) . The nighttime removal pathway of O 3 via the reaction with NO 2 forming NO 3 (see e.g. Brown and Stutz, 2012) was found to be insignificant as the reaction rate is about one order of magnitude lower than of the reaction of O 3 with NO. The quality scheme of Foken and Wichura (1996) was used to exclude periods with significant non-stationarity or poor developed turbulence. Data for which the footprint area of the flux measurement (calculated with a Lagrangian forward stochastic model from Rannik et al., 2000) included less than 80 % of the natural grassland area were omitted. The mixing ratio difference of O 3 between 4.0 and 0.8 m a.g.l. was determined using a differential UV absorption O 3 analyser (49i, Thermo Environmental, USA, modified according to Cazorla and Brune (2010) ; see Moravek et al. (2014) for details on operation). Absolute O 3 mixing ratios at both heights were derived from a vertical profile system, which also measured NO and NO 2 mixing ratios (O 3 analyser: 49i, Thermo Environmental, USA; NO/NO 2 analyser: CLD 780 TR, Eco-Physics, Switzerland). A vertical profile of temperature, humidity and wind speed was retrieved at 0.2, 0.8, 1.5, 2.5 and 4.0 m a.g.l.
Meteorological parameters used in this study are global radiation (CNR1, Kipp & Zonen, Netherlands) , NO 2 photolysis frequency (j NO 2 ) (Meteorologie Consult GmbH, Germany), rainfall (AGR100, Environmental Measurements) and surface wetness (Campbell Scientific Inc., USA). All additional measurements were performed during the entire experiment period from 29 June to 21 October 2011.
Flux partitioning
As PAN and O 3 are depositing, the PAN and O 3 flux can be partitioned into deposition to leaf stomata (F s ) and to nonstomatal surfaces (F ns ):
Following the big leaf multiple resistance approach (Hicks et al., 1987; Wesely and Hicks, 2000) the overall canopy conductance -g c , a combination of the stomatal (g s ), the mesophyll (g m ) and the non-stomatal (g ns ) conductance -was obtained for both PAN and O 3 from the measured deposition velocity (v D , i.e. the flux normalized by the concentration at z ref ) and the estimated aerodynamic (R a ) and quasilaminar boundary layer (R b ) resistances (see Garland, 1977, and Hicks et al., 1987, respectively) :
In the case that processes in the leaf mesophyll (or surrounding components) do not limit the trace gas exchange (i. Hicks et al., 1987) . Since the measured H 2 O flux, on which the Penman-Monteith equation is based, originated not only from transpiration through the plant stomata but also from water evaporation from other sources such as soil pores or liquid water on different surfaces, we only used dry conditions with relative humidities (RH) < 60 % to compute g s PM . Under these conditions liquid water on surfaces is assumed to be fully evaporated. Soil evaporation was excluded from g s PM according to Stella et al. (2011) . The final g s PM values for the entire relative humidity range were determined as a function of the corrected g s PM values against the gross primary production (GPP). Finally, g ns , representing all non-stomatal deposition pathways, e.g. to leaf cuticles, soil or water surfaces, was derived by the difference between g c and g s (Eq. 3).
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The findings on g ns PAN from the partitioning of F MBR PAN were used to model PAN deposition fluxes for the entire period from 29 June to 21 October. Applying the resistive scheme given in Eq. (3), the modelled PAN flux (F model PAN ) was derived as
where R a , R b PAN and g s PAN were determined as described above over the entire period. Here, ρ m and χ PAN represent the molar air density and the PAN mixing ratio, respectively, at the height of the eddy covariance measurements (z ref )
Determination of PAN loss by thermochemical decomposition
In addition to the dry deposition process, other sink terms impact the measured surface PAN mixing ratios. While PAN photolysis and reaction with the hydroxyl radical (OH) are expected to be very low at altitudes below 7 km (Talukdar et al., 1995) , thermochemical decomposition of PAN (backreaction of R1) has to be considered. Thermochemical decomposition of PAN increases exponentially with temperature and is more efficient at high NO/NO 2 ratios as PA reacts faster with NO than with NO 2 to reform PAN. Hence, the timescale of PAN towards thermochemical decomposition (τ chem ) is given (Orlando et al., 1992; Shepson et al., 1992) as
In addition, loss of PA due to uptake by fog droplets can have an influence on the thermochemical decomposition of PAN (see Roberts et al., 1996; Villalta et al., 1996) . However, since at night, when fog conditions may have occurred, the thermochemical decomposition of PAN was limited by the low temperatures, this effect was neglected for this study.
To evaluate whether PAN loss by thermochemical decomposition significantly impacted the MBR fluxes (Sect. 2.2), the chemical flux divergence between z ref and z 0 due to thermochemical decomposition of PAN (F chem surf ) was determined according to Doskey et al. (2004) by numeric integration of the thermochemical PAN loss as
The height-dependent functions of χ PAN (z) and τ chem (z) were approximated by logarithmic interpolation between the available measurement heights of the required parameters and ρ m (z) was assumed to be constant with height (see Sect. 2.2). The thermochemical PAN loss over the entire atmospheric boundary layer, represented as a flux (F chem BL ), was obtained by integrating Eq. (6) from zero level to the height of the boundary layer (h BL ):
Assuming a well-mixed boundary layer, the measured PAN concentration and NO/NO 2 ratio were taken as an average value for the whole boundary layer. As τ chem is very sensitive to temperature, we assumed a dry adiabatic lapse rate of temperature with height. The height of the nocturnal boundary layer was estimated from the nocturnal decline of O 3 and the corresponding measured v D O 3 from the relation given by Shepson et al. (1992) (see also Sect. 3.3.3) as
where χ O 3 (t 0 ) and χ O 3 (t 1 ) are the O 3 mixing ratios at the start and end of the considered time interval, respectively. Since h BL_night was determined from a boundary layer budget approach, it might not agree well with the real boundary layer height, as the nocturnal boundary layer might be significantly stratified. Instead, h BL_night represents the theoretical depth of a mixed boundary layer, which was required in Eq. (7) to assume constant trace gas mixing ratios with height. The development of the diurnal boundary layer (h BL_day ) after dawn was modelled using the measured sensible heat surface flux and a simple encroachment approach implemented in the mixed layer model MXLCH (Vilà-Guerau de Arellano et al., 2011).
Results and discussions
Meteorological conditions: classification of low and high NO x episodes
The field experiment was dominated by wind directions from the southwest. These air masses were associated with relatively low levels of NO x (= NO + NO 2 ) (ranging mainly between 1 and 10 ppb). Air masses from northeasterly directions were much less frequent, but were often enriched with NO x with values ranging mainly between 10 and 30 ppb (Fig. 1 ). This enrichment was mainly caused by advection from NO x sources originated from the city of Mainz, nearby motorways and other sources in the densely populated and industrialized Rhine-Main region. In contrast, the southwest sector is dominated by farming without major industrial activity, thus representing an area with much less air pollution. Consequently, the occurrence of low and high NO x situations during the field experiment was directly coupled to the wind direction and could be attributed to two contrasting synoptic conditions:
1. Episodes under deep pressure influence and southwesterly wind directions yielded low NO x conditions. They were characterized by higher wind speeds, frequent cloud coverage, a mainly neutrally stratified boundary layer and typically lasted from 2 to 5 days.
2. Sunny, convectively driven episodes with low wind speeds and, therefore, also varying wind directions resulted in high NO x conditions, in cases when the wind direction was not from the southwest sector. In contrast to the low NO x conditions, these periods occurred sometimes as very isolated events and were associated with an unstable boundary layer during daytime and a stable stratification during nighttime.
For the further evaluation, entire days were selected and classified according to wind speed and wind direction. In total 20 days were classified as low NO x and 27 days as high NO x conditions. The diurnal averages of the meteorological conditions and micrometeorological characteristics during these days are displayed in Fig. 2a-f and mixing ratios of O 3 , NO and NO 2 are shown in Fig. 2g -i. For both low and high NO x conditions, photolysis of NO 2 contributed to the steady increase of NO mixing ratios after sunrise, which peaked between 08:00 and 10:00 CET and then declined with the growth of the daytime boundary layer. During high NO x conditions both advection of freshly emitted NO from nearby sources and generally higher NO 2 levels lead to high NO mixing ratios exceeding sometimes 10 ppb. Biogenic NO emission from the grassland ecosystem, determined with the dynamic chamber method, were found to be insignificant (Plake et al., 2015) . NO 2 mixing ratios showed a high variability during high NO x conditions, also indicating local sources. The daytime NO 2 decline was caused by both dilution due to the growing boundary layer and photolysis. It was anti-correlated with the increase of O 3 mixing ratios. The development of a shallow nocturnal inversion layer during high NO x conditions caused increased O 3 removal rates. As a result, nighttime O 3 mixing ratios were lower than during low NO x conditions. During daytime, both the higher insolation and the presence of pollutants under high NO x conditions resulted in higher O 3 mixing ratios during the afternoon.
Characterization of PAN under low and high NO x conditions
The diurnal cycle of PAN mixing ratios was closely linked to the diurnal cycle of O 3 . As for O 3 , PAN mixing ratios increased after dawn to the maximum in the afternoon, with median values of 300 ppt under low and of 600 ppt under high NO x conditions, respectively (Fig. 2j ). The maximum was followed by a steady decrease over night to median values just before dawn of about 50 ppt under low NO x and 200 ppt under high NO x conditions. The major reason for the much higher PAN levels during high NO x conditions are the elevated NO 2 mixing ratios, which occurred especially during nighttime and declined with the onset of photolysis after dawn and the clearing of the nocturnal boundary layer. Comparing the diurnal evolution of PAN and O 3 mixing ratios, we find a higher PAN/O 3 ratio under high NO x conditions at all times throughout the diurnal cycle. During peak PAN and O 3 mixing ratios in the afternoon, the PAN/O 3 ratio was 0.003 and 0.006 during low and high NO x conditions, respectively. Since photolytic production of O 3 from NO 2 was similar for both conditions, a large PAN/O 3 ratio implies a higher abundance of PA as a precursor of PAN (Zhang et al., 2009) . Although no direct measurements of PA were available, the very low abundance of volatile organic compounds measured at the site (e.g. isoprene < 0.7 ppb, monoterpene < 0.3 ppb; J. Kesselmeier, personal communication, 2013) suggests that these higher levels of PA during high NO x conditions primarily originated from anthropogenic non-methane hydrocarbons (NMHCs). Hence, PAN mixing ratios at the site were mainly influenced by advection from nearby pollution sources from northeasterly directions.
The timescale for thermochemical decomposition of PAN, τ chem , ranged for both low and high NO x conditions mainly between 4 and 20 days at night (Fig. 2k) . During daytime, τ PAN ranged between 2 h and nearly 1 day (median ∼ 5 h) for low NO x conditions, but were significantly lower during high NO x conditions (ranging between 30 min and 5 h; me- dian ∼ 2 h) caused by both on average higher NO/NO 2 ratios in the morning and higher temperatures in the afternoon.
Evaluation of PAN flux measurements
Deposition fluxes and canopy conductance
During the period of the PAN flux measurement mainly high NO x conditions prevailed. The PAN fluxes showed a clear diurnal cycle with maximum deposition fluxes at midday and very small fluxes during nighttime (Fig. 3) . that the vertical profiles of PAN and O 3 concentrations are similar as was shown at least for the data from our site. The chemical flux divergence between z ref and z 0 due to thermochemical decomposition of PAN (Eq. 6) was found to be very small with the highest median value of 0.007 nmol m −2 s −1 at noon (Fig. 4a) . In contrast, for the O 3 flux, the loss term due to reaction with NO and the production by NO 2 photolysis were significantly higher between 06:00 and 11:00 CET and led to a small net production of O 3 during daytime, which was corrected for in the presented fluxes.
The overall canopy conductance for PAN (g c PAN ), representing the flux normalized by the concentration at z 0 , shows a mean diurnal cycle with its maximum during daytime (Fig. 4c-d) . The midday median values were around 0.4 cm s −1 and were similar to g c values observed for O 3 .
Stomatal uptake
During nighttime g s PAN values were zero due to stomata closure (Fig. 4c) . With the onset of radiation in the morning g s PAN increases and reaches its maximum of 0.26 cm s −1 at 11:00 CET. As both g s PAN and g s O 3 differ only by the PAN and O 3 diffusivities (see Sect. 2.4), they show the same pattern, while g s O 3 is larger by a factor of 1.6 due to the faster diffusivity of O 3 . Due to an increased vapour pressure deficit in the afternoon the maximum values of g s PAN and g s O 3 are slightly skewed towards the morning.
The existence of a mesophyllic resistance limiting the stomatal uptake of PAN, as was found by Teklemariam and Sparks (2004) or by Sparks et al. (2003) at high stomatal conductance, cannot be validated from our data. Only if the modelled g s PAN values exceeded the experimentally determined g c PAN values, could a limitation be suspected. It is suggested that the mesophyllic uptake of PAN is lower than for O 3 , as there are fewer reaction sites for PAN within the plant cell and its reaction with proteins is slower, although the mesophyll biochemistry for PAN assimilation is not clearly understood (Doskey et al., 2004) .
Non-stomatal deposition
According to the MBR flux measurements at our site, the non-stomatal sink played a major role with median midday g ns PAN values ranging between 0.05 and 0.4 cm s −1 , corresponding to a non-stomatal resistance (R ns = g −1 ns ) of 2000 and 240 s m −1 , respectively. The nighttime g ns PAN values are very low, but have to be treated with caution due to the uncertainties of the MBR method at night. The peaks in g ns PAN are mainly associated with the uncertainties of g c PAN caused by the limited amount of data (see Sect. 3.3.1). For O 3 , we observed a clear diurnal cycle with lowest values in the afternoon. The diurnal cycle could be well reproduced as a function of relative humidity multiplied by LAI, despite elevated values between 06:00 and 10:00 CET, where surface humidity is still very high and the NO x advection might lead to a greater uncertainty of the chemical production and loss of terms (Sect. 3.3.1).
Since uncertainties in the O 3 flux impact the PAN flux directly, we discarded data with large NO x values for the evaluation of g ns PAN as well as values where u * < 0.07 m s −1 . We could not identify any significant dependency of the individual data points of g ns on temperature, relative humidity or surface wetness. This contradicts the assumption of Shepson et al. (1992) , who suspected that g ns PAN would decrease with higher surface wetness due to the low deposition on water surfaces (Kames et al., 1991) . Turnipseed et al. (2006) explained a maximum of v D PAN after sunrise with increased deposition to leaf surface water of a pine forest canopy and hypothesize the existence of a reactive uptake process within the leaf water. However, our findings support the results by Schrimpf et al. (1996) , who did not observe a relationship of g ns PAN with relative humidity.
For the determination of F model PAN over the entire measurement period (see Sect. 2.4) an estimate or parameterization of g ns PAN is required. Since from our data, no significant dependency was found and nighttime values are uncertain, we assume a constant value of g ns PAN . Hence, we derived a bulk g ns PAN value by correlating the measured PAN fluxes with a modelled PAN flux using a series of different g ns PAN values in Eq. (2). The smallest root mean square error was obtained with an optimal g ns value of 0.28 cm s −1 for the whole data set, which corresponds to R ns PAN = 360 s m −1 . This resistance value is in the range of findings by other studies -e.g. Turnipseed et al. (2006) observed a median value of 244 s m −1 under dry and 125 s m −1 under wet conditions.
To obtain another independent estimate of the nonstomatal deposition, we employed the nocturnal boundary layer budget (NBLB) method according to Shepson et al. (1992) , which compares the nocturnal PAN decay to that of O 3 and yields a ratio of PAN to O 3 deposition velocities. The main assumption, that the decline of both PAN and O 3 mixing ratio during nighttime was only due to deposition, is valid as chemical reactions are negligible at night for both PAN (see Fig. 2l ) and O 3 (no photolysis and low NO mixing ratios). We analysed in total 16 nights, where a clear logarithmic decline of both PAN and O 3 mixing ratios was observed and where the main wind direction was within the "clean" sector in the southwest. Using only nights with a good correlation between both PAN and O 3 decline (R 2 > 0.7), we obtain an average value for v D PAN /v D O 3 of 1.75, which is similar to the average value obtained by Shepson et al. (1992) . As stomatal uptake is assumed to be zero at night, we obtained according to Eq. (3) a bulk g ns PAN of 0.5 cm s −1 (R ns PAN = 200 s m −1 ). This value of g ns PAN is slightly larger than the value obtained from the MBR measurement.
In currently applied deposition models (e.g. Simpson et al., 2012) , g ns PAN is often derived according to Wesely (1989) as a composite between the non-stomatal conductance of sulfur dioxide (g ns SO 2 ) and g ns O 3 :
SO 2 represents a very soluble substance (effective Henry constant H * SO 2 = 10 5 M atm −1 ) and O 3 a compound that reacts fast with substances in the leaf cuticles such as protein thiols (Mudd, 1982) . Due to the poor solubility of PAN in water (H * PAN = 4.1 M atm −1 , see Kames and Schurath, 1995 ) the first term of the right-hand side of Eq. (9) can be neglected and only the reactivity index, f 0 , is of significant importance. According to Wesely (1989) f 0 PAN = 0.1, which suggests the non-stomatal deposition of PAN would be about one order of magnitude lower than for O 3 . Zhang et al. (2002) suggest a f 0 PAN = 0.6 based on first studies on PAN deposition by Hill (1971) and Garland (1977) . This contradicts our findings by both the MBR and the NBLB method, which observed at least equal or even higher non-stomatal deposition for PAN than for O 3 , and supports the statement by Turnipseed et al. (2006) that current deposition models may significantly underestimate PAN non-stomatal deposition.
PAN deposition fluxes for low and high NO x conditions
To evaluate the PAN deposition under both low and high NO x conditions as well as its potential influence on the natural grassland ecosystem and its role for the atmospheric N r budget, the PAN deposition flux was modelled for the entire period from 29 June to 21 October (see Sect. 2.4). For this, we used the bulk value for g ns PAN of 0.28 cm s −1 (Sect. 3.3.3) for both low and high NO x , as we found this to be the best estimate from our data. The obtained median diurnal cycles of F model PAN for low and high NO x conditions ( Fig. 5 ) reveal that the total deposition (i.e. stomatal + non-stomatal) was more than twice as high during high NO x (∼ −0.1 nmol m −2 s −1 ) than during low NO x (∼ −0.05 nmol m −2 s −1 ) conditions, which is mainly attributed to the higher PAN mixing ratios during high NO x conditions. Median midday deposition velocities were very similar during both episodes (v D PAN ≈ 0.5 cm s −1 ). As already discussed in Sect. 3.3.3, the non-stomatal pathway was significant, which is reflected by a daytime fraction of g ns PAN /g c PAN of 0.7 during low NO x and 0.6 during high NO x conditions. As about half of the grassland vegetation was senescent or was already dead, reaction on plant surfaces may be a reason for the large non-stomatal fraction. The importance of PAN deposition as a loss process of PAN from the atmosphere is determined by comparison to the magnitude of the thermochemical decomposition of PAN in the boundary layer (Eq. 7). Due to the lower temperatures and the lack of NO at night, the nocturnal thermochemical loss was insignificant during both low and high NO x conditions. Using the boundary layer budget approach (Eq. 8), we found h BL_night to be on average 200 m (Fig. 5 ). In contrast, during daytime the thermochemical loss constituted the largest PAN sink, during both low and high NO x conditions. After dawn, h BL_day grew during high NO x conditions on average up to 1200 m, whereas its development was slightly suppressed during low NO x conditions. The modelled boundary layer height was compared for selected days to the boundary layer height obtained from a WRF model. The WRF model yielded slightly higher daytime maximum values ranging from 1100 up to 1700 m. When the boundary was well mixed (11:00-17:00 CET), the thermochemical loss during high NO x conditions was about 3.5 times higher than during low NO x conditions. This was caused by a combination of (a) the higher PAN mixing ratios (effect: 59 %), (b) the reduced reaction timescale due to higher temperatures and larger NO to NO 2 ratios (effect: 34 %) and to some extent also by (c) the higher boundary layer (effect: 7 %). A summary of the relevant parameters for nighttime and daytime conditions is given in Table 2 , where the timescale for PAN deposition is given by
The reaction rates towards PAN deposition (k dep ) and thermochemical decomposition over the entire boundary layer height (k chem BL ) are the inverse values of τ dep and τ chem BL , respectively.
Integrating F model PAN and F chem BL over the entire diel cycle yields the total mass of PAN removed per unit area by dry deposition (L dep ) and thermochemical decomposition (L chem BL ), respectively (McFadyen and Cape, 1999; Turnipseed et al., 2006) . As presented in Table 2 , during low NO x conditions dry deposition made up 32 %, whereas under high NO x conditions it contributed with 22 %. to the diurnal PAN removal within the boundary layer. These values are slightly lower than the ones given by McFadyen and Cape (1999) , who suggest equal PAN loss via both processes. Although they claim very low NO/NO 2 ratios at the site to be a major reason for the low chemical loss, an overestimation of the PAN deposition in their study is possible, since it was not measured directly. Accounting for a temperature decrease with height, Turnipseed et al. (2006) estimated a maximal contribution of dry deposition of 10 %. Wolfe et al. (2009) found that dry deposition accounted only for 3 % of the total PAN loss during warm and 13 % during cool periods.
To evaluate its significance as a source of N r to the grassland ecosystem, PAN deposition has to be evaluated in relation to other N r sources. Dennis et al. (2013) estimate a contribution of dry deposition of PANs (i.e. the sum of all PAN species) of about 3.5 % to the total dry and wet nitrogen annual deposition in the continental USA. However, their values are based on the parameterization by Zhang et al. (2002) , which might significantly underestimate dry deposition of PAN as found e.g. by Turnipseed et al. (2006) and in this study. Stevens et al. (2010) evaluated the effect of total inorganic nitrogen deposition on grasslands across Europe and found that species richness decreased with sites that were subject to higher nitrogen deposition. The observed PAN removal via dry deposition (i.e. L dep ) over an entire day was in this study 333 µg m −2 d −1 during low and 518 µg m −2 d −1 during high NO x conditions (Table 2) . This is much lower than the total nitrogen deposition observed at the sites reported by Stevens et al. (2010) ranging between 4.7 and 104.2 µg m −2 d −1 (equivalent to 2 and 44 kg N ha −1 a −1 ), which suggests that PAN deposition under both low and high NO x does not play a critical role on plant species richness at our site. Moreover, PAN mixing ratios observed at our site were significantly below the threshold given for phytotoxic effect on plants (between 15 and 25 ppb, see Temple and Taylor, 1983) .
Conclusions
To date, very few studies have directly measured PAN deposition to ecosystems. Previous experiments often cover only a short time period and obtained results differ considerably. In particular, the relationship between PAN and O 3 deposition has remained inconclusive. Based on the MBR method, we find a considerable non-stomatal uptake of PAN (g ns PAN = 0.28 cm s −1 ). This resulted in an equal or even higher non-stomatal conductance for PAN than for O 3 , most likely suggesting an underestimation of PAN deposition by current models. We did not find a relation of the non-stomatal conductance for PAN with other quantities, such as relative humidity. However, it cannot be fully excluded that this may also be attributed to the limited PAN flux data above the flux detection limit. The modelled stomatal uptake did not exceed the overall deposition, suggesting that stomatal uptake is not limited by further, not-considered resistances. PAN deposition at our measurement site was governed by two contrasting pollution regimes: (1) low NO x episodes with clean air from southwesterly directions and (2) high NO x episodes with more polluted air masses from the northeastern sector. Under high NO x conditions, locally produced PAN from the industrialized region was advected to the site, leading to PAN mixing ratios which were a factor of 2-4 higher than under low NO x conditions. Hence, PAN deposition during these episodes was larger with daytime maxima of −0.1 nmol m −2 s −1 . However, as also found in previous studies, the largest fraction of PAN loss during daytime was due to thermochemical decomposition of PAN. For clean conditions dry deposition accounted for about 32 % of the daytime PAN loss, while it only accounted for 22 % during polluted conditions. The higher thermochemical PAN loss during polluted episodes was mainly associated with different meteorological conditions and only to some extent caused by larger NO/NO 2 ratios, due to freshly emitted NO by nearby sources. During nighttime non-stomatal PAN deposition was the only significant PAN sink.
A comparison of PAN deposition at the site with other deposition pathways of atmospheric reactive nitrogen suggests that PAN deposition only played a minor role as a potential nitrogen source to the nutrient-poor natural grassland ecosystems in this study. However, to date still little is known about the direct uptake of PAN by vegetation and the effect on their metabolism. Furthermore, studies which performed direct PAN flux measurements are limited to only a few types of ecosystems and conditions, and are often prone to large uncertainties. As suggested by other studies in the past, PAN deposition might be the dominant removal process of atmospheric PAN in winter at lower temperatures. However, to date in situ PAN flux measurements only cover late spring to early autumn periods in the Northern Hemisphere. Hence, both in situ flux measurements of PAN during different seasons and for a larger variety of ecosystems as well as detailed studies on the role of non-stomatal uptake mechanisms to improve current deposition models are desirable tasks for future research on PAN deposition.
